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Abstract Wemeasured mercury methylation potentials and a
suite of related biogeochemical parameters in sediment cores
and porewater from two geochemically distinct sites in the
Allequash Creek wetland, northern Wisconsin, USA. We
found a high degree of spatial variability in the methylation
rate potentials but no significant differences between the two
sites. We identified the primary geochemical factors control-
ling net methylmercury production at this site to be acid-
volatile sulfide, dissolved organic carbon, total dissolved iron,
and porewater iron(II). Season and demethylation rates also
appear to regulate net methylmercury production. Our equi-
librium speciation modeling demonstrated that sulfide likely
regulated methylation rates by controlling the speciation of
inorganic mercury and therefore its bioavailability to methyl-
ating bacteria. We found that no individual geochemical pa-
rameter could explain a significant amount of the observed

variability in mercury methylation rates, but we found signif-
icant multivariate relationships, supporting the widely held
understanding that net methylmercury production is balance
of several simultaneously occurring processes.
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Introduction

Wetland environments are active regions of mercury methyl-
ation and can be the primary source of methylmercury to
many aquatic systems (Hurley et al. 1995; St. Louis et al.
1996). Understanding the methylation process in these sys-
tems is vital for prediction and modeling of methylmercury
(MeHg) accumulation within aquatic food webs. While mer-
cury methylation is known to be carried out by sulfate-
reducing bacteria, and to a lesser extent, iron-reducing bacteria
in wetland systems (Compeau and Bartha 1985; Gilmour et al.
1992; Warner et al. 2003; Kerin et al. 2006), the geochemical
controls on methylmercury production are not well under-
stood (Benoit et al. 2003; Mitchell et al. 2008a, b; Schaefer
andMorel 2009). In order for mercury methylation to occur in
wetland environments, favorable conditions for sulfate- and
iron-reducing bacteria need to be present, including a supply
of labile organic carbon, an electron acceptor (SO4

2− or
Fe(III)), and anoxia. In addition, a bioavailable source of in-
organic Hg(II) is necessary. This bioavailability is hypothe-
sized to be controlled primarily by speciation with sulfide
(Benoit et al. 1999a, 2001; Deonarine and Hsu-Kim 2009;
Zhang et al. 2012) and organic matter (Miskimmin et al.
1992; Driscoll et al. 1995; Barkay et al. 1997; Schaefer and
Morel 2009). While it was long believed that sulfide could
outcompete organic matter for mercury binding in sulfidic
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environments, more recent research has shown a range of Hg-
organic matter stability constants, some of which are much
higher than those for Hg-sulfide interactions (Ravichandran
2004; Miller et al. 2007; Drott et al. 2007; Skyllberg 2008).
In addition, organic matter can inhibit the aggregation of Hg-S
complexes into clusters and nanoparticles, preventing precip-
itation and keeping Hg in a bioavailable state (Deonarine and
Hsu-Kim 2009; Graham et al. 2012; Zhang et al. 2012). The
result is most likely that both sulfide and strong organic li-
gands compete for mercury binding and that both control its
bioavailability to methylating bacteria.

In this study, we collected sediment and porewater from
two geochemically distinct sites, each with different redox
conditions, within a northern Wisconsin wetland, and mea-
sured methylation rate potentials and a suite of related geo-
chemical parameters. The goals of the work were to (1) quan-
tify the spatial and seasonal variability of methylmercury pro-
duction in this system; (2) examine a range of parameters
related tomercury bioavailability and controls onmethylation,
including sulfide and dissolved organic matter; and (3) com-
pare results to model simulations of mercury speciation to
determine the dominant controls on bioavailability.

We chose the Allequash Creek wetland site because it is
well studied and the dominant groundwater flow paths have

been identified, as is detailed below. By examining the factors
contributing to methylmercury production in a well-
characterized system, including iron, dissolved organic car-
bon, and sulfide, this study fills a knowledge gap relating to
the impact of groundwater chemistry on the mercury cycle.

Materials and methods

Sampling sites

Allequash Creek is a groundwater-dominated stream in the
Northern Highland Lake District of Wisconsin that has been
well characterized by previous investigators (Krabbenhoft
et al. 1995; Pint et al. 2003; Walker et al. 2003; Lowry et al.
2007; Kerr et al. 2008; Creswell et al. 2008). It falls within the
study areas of two long-term efforts, the North Temperate
Lakes Long-Term Ecological Research area and the U.S.
Geological Survey’s Water, Energy, and Biogeochemical
Budgets.

We investigated two sites (Fig. 1). The upper springs site is
a ∼10-ha pond fed by groundwater discharges (Krabbenhoft
et al. 1995; Pint et al. 2003) that makes up the headwaters of
the stream. It is surrounded by woody wetland plants and
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mixed spruce and deciduous forest. The soils in this area are
mineral-dominated, and the groundwater discharging through
them is relatively young and has a higher redox potential (i.e.,
is less-reducing). The middle wetland site is located in the
peat-rich riparian section of the watershed, which is character-
ized by older groundwater discharge and a lower redox poten-
tial (i.e., more-reducing conditions). The stream here flows
primarily through a single channel with a muddy bottom and
has several smaller side channels and rivulets. The wetland
adjacent to the channels is dominated by leatherleaf, sedge,
and sphagnum moss (Krabbenhoft et al. 1995). These sites
were selected for their distinct geochemical characteristics
and groundwater ages (Table 1).

Sampling

To capture seasonal variability, we conducted field campaigns
in July, 2008, October, 2008, February, 2009, and July, 2009.
We were unavailable to collect samples in Spring, 2009. Four
cores were collected from the hyporheic sediment of each site
for sectioning and chemical analysis, and two from each site
were collected and kept intact for measurement of mercury
methylation and demethylation rates. Multiple cores were col-
lected, all from within 1 m of one another, in order to average
out spatial variability, not to capture any spatial patterns. We
collected cores by hand in sharpened polycarbonate tubes.
Each core included at least 10 cm of sediment and some over-
lying water to minimize redox changes in the upper sediment
horizon. Cores were collected from areas of undisturbed sed-
iment within the streambed, and efforts were made tomaintain

an intact sediment-water interface. We followed strict trace
metal clean techniques (Shafer et al. 1999).

Cores for chemical analysis were sectioned promptly with-
in an anaerobic chamber. Each core was divided into five 2-
cm sections which were composited by depth horizon in cen-
trifuge bottles. Porewaters were separated from the sediments
by centrifuging and were then passed through acid-cleaned
0.45-μm filters to remove remaining particulate material.
Centrifuging was not carried out in an anoxic environment;
however, the threads of the centrifuge bottles were wrapped
with polytetrafluoroethylene (PTFE) tape and tightly sealed
before being removed from the anaerobic chamber in order
to minimize oxygen penetration. The entire core sectioning
procedure was completed in less than 4 h, and cores awaiting
processing were maintained at the ambient porewater temper-
ature of the sampling site.

Mercury methylation and demethylation rate potentials

The incubation approach for this procedure was modeled after
that of Hammerschmidt and Fitzgerald (2004), and the analy-
sis followed the method of Hintelmann et al. (1995). All cores
were kept intact throughout the incubation to minimize distur-
bance to the sediment microbial community. The cores for
methylation rate potential measurements were injected with
pH-neutral amendments of isotopically enriched 200Hg(II),
which were diluted to the appropriate concentration using
Allequash Creek water. Cores for demethylation rate measure-
ments were injectedwith isotopically enriched amendments of
Me199Hg, prepared in the same way. Native water was used to

Table 1 Porewater geochemistry
of sampling sites Upper springs Middle wetland

Range Median n = Range Median n =

pH 7.3–8.7 8.2 17 7.5–8.7 8.1 20

Sulfate (μM) 0.01–59.2 13.8 20 0.0–12.1 2.92 20

Sulfide (μM) <0.13–12.4 0.41 20 0.02–4.3 0.35 20

Total dissolved sulfur (μM) 4.4–61.5 38.7 20 2.39–32.5 4.28 20

% sulfidea <0.13–59.4 1.62 20 0.1–66.6 8.59 20

Acid-volatile sulfide (μmol/kg) 0.0–580.3 41.0 20 0.0–563.6 54.7 18

Fe(II) (μM) 0.2–4.7 1.36 20 2.4–142.6 13.3 20

Total dissolved Fe (μM) 0.68–4.27 1.40 20 30.6–294 52.8 20

Total mercury (pM) 15.5–251 107 20 14.1–197 53.8 20

Total mercury (ng/L) 3.11–50.3 21.5 20 2.83–39.5 10.8 20

Methylmercury (pM) <1.5–4.20 1.10 20 <1.5–8.91 2.46 20

Methylmercury (ng/L) <0.30–0.842 0.221 20 <0.30–1.79 0.493 20

Dissolved organic carbon (mM) 0.19–0.50 0.26 20 0.13–1.77 0.26 19

Groundwater ageb (year) 25–50 50–150

a Percentage of total dissolved sulfur measured as sulfide
b (Pint et al. 2003)
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allow the mercury amendments to achieve speciation compa-
rable to what exists in situ; however, it is still assumed that the
addedmercury ismore readily available to bacteria than native
mercury within the core. Hence, these measurements are con-
sidered rate potentials, rather than actual rates.

Injections were made through silicone septa in the walls of
the core tubes. The septa were spaced at 2-cm intervals
starting 1 cm below the sediment-water interface. Each injec-
tion was distributed throughout the core horizon using the
syringe needle to minimize channel effects. Amendments typ-
ically increased the total mercury (HgT) and MeHg burden of
the sediment by 1–2%. All cores were incubated in the dark at
the same temperature as the wetland porewater, measured at
the time of sampling. Cores for methylation rate measure-
ments were incubated for 8–22 h, and cores for demethylation
rate measurements were incubated for 5–12 h. Incubations
were terminated by slicing the core and freezing the subsec-
tions. Samples were stored frozen in acid-cleaned polypropyl-
ene vials until analysis.

Prior to analysis, small aliquots (0.5–1 g) of sediment were
transferred to Teflon vessels and steam distilled following the
method of Horvat et al. (1993), modified to include the addi-
tion of 1 mL 1 M CuSO4 to each vessel prior to distillation.
The aim of the CuSO4 addition was to saturate strong MeHg-
binding ligands in the sample matrix and improve MeHg re-
covery (Olson et al. 1997). Distilled samples were analyzed by
aqueous ethylation, purge and trap, gas chromatographic sep-
aration, pyrolysis, and cold vapor atomic fluorescence detec-
tion, following EPA Method 1630 (U.S. Environmental
Protection Agency 2001a). The cell outlet from the cold vapor
atomic fluorescence spectrometer (Tekran 2500, Toronto,
Canada) was connected to an inductively coupled-plasma
mass spectrometer (ICP-MS; initially a PerkinElmer Elan
6100, later a PerkinElmer Elan DRC II, Waltham, MA) via a
custom-machined Kynar fitting designed to mimic that of
Hintelmann and Evans (1997). Signals from the ICP-MS were
captured and integrated using THE PerkinElmer Chromera
software, and peak areas were used for all subsequent
calculations.

The ICP-MSwas calibrated and its mass bias accounted for
by the analysis of mercury standards of known concentration
and isotopic composition (Blum and Bergquist 2007). The
concentrations of methylmercury from the isotopically
enriched amendments were calculated using measured ratios
of enriched to unenriched isotopes in the samples, and the
known isotopic abundance of natural and amended mercury.
This method, when performed alongside a calibration, allows
the simultaneous determination of natural and amended meth-
ylmercury concentrations, with corrections for isotopic impu-
rities in the amendments (the Me199Hg amendment was 92%
pure, and the 200Hg amendment was 96% pure) (Hintelmann
et al. 1995). Hg isotopes 196 and 204 were below the detec-
tion limit of the ICP-MS; their abundances in measured

samples were assumed to follow the natural isotopic distribu-
tion of mercury. Isotope 202 was used to determine the con-
centration of natural mercury in the sediment. Average detec-
tion limits and precision for relevant isotopes were as follows
(det. limit / precision): 199Hg—11.9 pg / 14.2%, 200Hg—
12.2 pg / 13.6%, and 202Hg—12.7 pg / 12.8%.

Porewater Hg and MeHg

Filtered porewater samples for total mercury and methylmer-
cury analysis were preserved in the anaerobic chamber with
1% bromine monochloride (BrCl) and 1% trace metal grade
hydrochloric acid, respectively, and were stored in Teflon con-
tainers. Analysis was carried out following established proce-
dures (Babiarz et al. 1998; U.S. Environmental Protection
Agency 2001a, 2002). The average detection limit for total
mercury was 23.9 pg and the average analytical precision
was 7.2%. For methylmercury, the average detection limit
was 6.1 pg and the average analytical precision was 10.3%.

Sediment total Hg

Sediment total mercury digestions were carried out on freeze-
dried samples taken from each core horizon after porewater
extraction. Aliquots of roughly 500 mg were precisely
weighed into 100-mL volumetric flasks and were digested in
7 mL of a 5:2 (v/v) mixture of trace metal grade nitric acid and
sulfuric acid. Flasks were heated to a slow boil until brown
fumes ceased to evade from solution (approximately 6 h)
(Bloom 1992; U.S. Environmental Protection Agency
2001b). Acid-cleaned glass marbles were used as pressure
relief valves on the tops of the digestion flasks. The average
detection limit was 1.1 ng/g and the analytical precision was
6.7%. Two certified reference materials were analyzed to con-
firm accuracy. The average recovery for the MESS-2 marine
sediment material was 92.4% and that for the NIST-8406
Tennessee River sediment material was 83.9%.

Sn-reducible Hg titrations

This method provided an estimate of the concentration of
strong, mercury-binding organic ligands in porewater.
Although the method is described in detail elsewhere
(Lamborg et al. 2003), a brief description follows. Filtered
porewater samples were evenly split into 6–8 subsamples,
were amended with a range of Hg(II) concentrations between
0 and 10 μg/L, and were allowed to equilibrate overnight.
Samples were reduced with stannous chloride (SnCl2) and
purged with nitrogen, and the evaded Hg0 was measured. By
omitting any sample digestion before analysis, we assume this
process allows the native Hg-organic speciation to remain
intact and only allows those aqueous complexes of Hg that
are kinetically labile, or have relatively weak equilibrium
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coefficients (log K ≤ 19), to be measured. The ligand concen-
trations are calculated from the difference between introduced
and measured Hg by fitting a non-linear regression to the data.
We fit a function of the form y = ax / (1 + bx) to a plot of the
experimental data in the form of [Hgadded] − [Hgmeasured] ver-
sus [Hgmeasured], using the BModified Hyperbola I^ algorithm
in SigmaPlot 10 (Systat Software, Inc., San Jose, CA). The
coefficients of the regression can be used to calculate an esti-
mate of the total strong, mercury-binding organic ligand con-
centration, [LT], and the conditional stability constant of the
Hg-L complex, K″ (Gerringa et al. 1995; Hoffmann 2002). In

order to convert the K} ¼ HgL½ �
Hg IIð Þ½ � L2−½ � values estimated by the

titration to more conventional K
0 ¼ HgL½ �

Hg2þ½ � L2−½ � values, we esti-
mated α, the ratio of total Hg(II) to Hg2+ associated with
inorganic complexes, using MINEQL+ (Schecher and
McAvoy 2002).

In order to minimize the impact of sulfide on mercury spe-
ciation, and thus measure only the organic mercury-binding
capacity of the porewater, samples were stored under oxic
conditions, causing all sulfide in the porewater to be oxidized.
Sulfide concentrations were confirmed to be below the detec-
tion limit in a subset of samples prior to analysis.

Additional geochemical measurements

Sulfate was measured electrochemically by ion chroma-
tography, using a Dionex LC25/ED50/GP50 system with
an average detection limit of 5.69 μM and analytical pre-
cision of 5.21%. Dissolved Fe(II) (Stookey 1970) and
sulfide (Cline 1969) concentrations were measured color-
imetrically with average detection limits of 0.31 and
0.060 μM, respectively, and average analytical precision
of 4.04 and 10.4%, respectively. Sediment acid-soluble
Fe(II) and Fe(III) were measured colorimetrically in a
0.5-N HCl solution (Lovley and Phillips 1986), with the
difference between oxidized and reduced iron being deter-
mined by measurement before and after reduction of the
sample with hydroxylamine hydrochloride (Viollier et al.
2000). The analytical performance was the same as for
dissolved Fe(II). Dissolved organic carbon (DOC) was
measured as non-purgeable organic carbon using a
Shimadzu TOC-V/CSH organic carbon analyzer, with an
average detection limit of 0.045 mM and average analyt-
ical precision of 3.61%. Total dissolved iron and sulfur
were measured by high-resolution ICP-MS, using a
Thermo Element 2 magnetic sector field instrument with
an average detection limit of 6.9 × 10−3 and 0.19 μM,
respectively, and average analytical precision of 3.49
and 3.36%, respectively. pH was measured electrochemi-
cally using a handheld microelectrode. Acid-volatile sul-
fide (AVS) was measured in whole sediment by acidifying

samples in sealed vials, purging with nitrogen, and cap-
turing evaded H2S in 10% zinc acetate traps, following
Fossing and Jørgensen (1989). The captured sulfide (as
ZnS) was redissolved in reagent water and measured col-
orimetrically, as above. Percent loss on ignition (%LOI), a
measure of the organic content of the sediment, was cal-
culated as the mass difference between sediments dried
overnight at 110 °C and combusted for at least 1 h at
450 °C.

Terminal electron accepting processes (TEAPs)

This method involves the use of a radiolabeled microbial sub-
strate (2-14C-acetate) to determine microbial productivity in
the presence and absence of sodium molybdate (NaMoO4), a
specific inhibitor of sulfate reduction. It is described in detail
elsewhere (Lovley 1997; Warner et al. 2003), but a brief de-
scription follows. Two-milliliter aliquots of sediment from
each core horizon were transferred to glass vials in the anaer-
obic chamber, which were flushed with N2 to remove hydro-
gen (a component of the chamber atmosphere) from the head-
space and sealed. H2 removal avoids stimulating the microbial
community with a substrate other than the labeled acetate.
Vials were collected as paired duplicates, and one member
of each pair received an injection of 2 mM NaMoO4;
0.15 μCi 2-14C-acetate was then injected into each vial
through the stopper and the vials were incubated for 1 h.
Microbial activity was terminated by the addition of 0.5 mL
1 M HCl.

Samples were analyzed using a gas chromatograph (GC;
GC-8A, Shimadzu, Inc., Columbia, MD) coupled with a gas
proportional counter (GC-RAM, IN/US Systems, Inc.,
Brandon, FL). CO2 and CH4 were separated in the GC (col-
umn: Hayesep Q 80/100, 8′ × 1/8″ SS tubing; Grace Davison
Discovery Sciences, Deerfield, IL), which was isothermal
with a column temperature of 35 °C and an injection port
temperature of 100 °C. After leaving the GC, samples passed
through a pyrolytic column, kept at 750 °C, which combusted
all CH4 to CO2, prior to samples entering the gas proportional
counter. Signal output from the gas proportional counter was
plotted as counts per second versus time, and radioactive gas-
es were quantified by peak area. CH4 peaks were indicative of
methanogenesis, while CO2 peaks were indicative of non-
methanogenic respiration. If CO2 production dropped sharply
with the introduction of molybdate in a given sample, that
sample was assumed to have sulfate reduction as its dominant
terminal electron accepting process (TEAP). If CO2 produc-
tion did not change significantly with the introduction of mo-
lybdate, a sample was assumed to have iron reduction as its
dominant TEAP, as iron is the next most abundant electron
acceptor in this system, after sulfate. Any samples with a
preponderance of methane were assumed to be methanogenic.
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Statistical analysis

Stepwise and multiple linear regression was carried out using
R (R Core Team 2013). Stepwise linear regression was carried
out using the stepAIC() function in the MASS package. The
variables used as potential explanatory variables for methyla-
tion rate potential in the stepwise linear regression are listed in
Table S4, with the exception of depth below the sediment-
water interface, which was also included as a variable.

Results

Total mercury, methylmercury, and DOC

Total mercury, methylmercury, and DOC concentrations were
highly variable (Table 1; Fig. 2), which is consistent with the
highly variable groundwater flow paths and source regions at
the Allequash Creek site (Pint et al. 2003; Walker et al. 2003;
Lowry et al. 2007; Kerr et al. 2008). In spite of the high
variability, several trends were apparent in the data.
Methylmercury and DOC concentrations were generally

higher during the summer field campaigns than those during
the fall and winter campaigns, and were higher in the middle
wetland than those in the upper springs (Fig. S1—MeHg;
Fig. S2—DOC). When we aggregated the dataset over all
seasonal sampling campaigns, we observed significant corre-
lations between porewater MeHg and DOC at each site (upper
springs: r2 = 0.540, p < 0.001; middle wetland: r2 = 0.490,
p < 0.001; Fig. 3a), as well as a significant correlation when
we pooled data from both sites (r2 = 0.489, p < 0.001;
Table S3).

Porewater HgT concentrations were seasonally variable
(Fig. 2), but did not exhibit a clear seasonal trend across all
sampling dates. Porewater MeHg did not correlate strongly
with porewater HgT (Fig. 3b); however, porewater HgT was
correlated with DOC (r2 = 0.135, p = 0.02; Table S3). There
was a weak positive correlation between methylation rate po-
tentials and porewater HgT (r2 = 0.094, p = 0.054).

Strong, Hg-binding organic ligands, a subset of DOC, did
not contribute strongly to Hg speciation at either site. The
measured concentrations of ligands (Table S2) were too low
relative to sulfide concentrations to make a significant contri-
bution to Hg speciation, in spite of the Hg-ligand complex
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having a higher stability constant. We confirmed the minor
role of these ligands using equilibrium speciation modeling,
demonstrating that the concentration of the Hg-ligand com-
plex is many orders of magnitude lower than Hg-sulfide com-
plexes (Fig. S7).

Iron and sulfide

We measured sulfide and total dissolved sulfur concentrations
and reduced and total dissolved iron concentrations as indica-
tors of sulfate- and iron-reducing conditions in the hyporheic
sediments. More-reducing conditions are indicated by dis-
solved sulfide and Fe(II) representing a larger proportion of
total dissolved sulfur and iron, respectively. Depth profiles of
these two constituents (Figs. 4 and 5) indicate that the depth at
which reducing conditions dominated was highly variable,
both by site and by season; however, there was relatively good
agreement between indicators about the depth of the redox
boundary. In general, reducing conditions dominated the
deeper portions of the sediment at the middle wetland site
(below 2 cm for sulfide, below 4 cm for iron), while at the

upper springs site, to the extent that reducing conditions varied
down-core, they occurred primarily in the middle of the depth
profile, between 2 and 6 cm.

Concentrations of porewater sulfide and Fe(II) were the
lowest during the October sampling campaign and had peaks
that varied seasonally by site and constituent (Figs. S3 and
S4). In addition to the seasonal variability in porewater sulfide
and Fe(II), we observed inter-annual variability, with differ-
ences between the July, 2008 and July, 2009 concentration
ranges of both constituents at both sites. The inter-annual var-
iability may be partially explained by differences in flow. The
U.S. Geological Survey stream gauge 05357206, located in
Allequash Creek, several hundred meters downstream of the
middle wetland site, measured a monthly mean discharge of
0.086 m3 s−1 in July, 2008 and 0.041 m3 s−1 in July, 2009.
Although the gauge measures surface flow and the sulfide and
Fe(II) measurements were made in porewater samples, the
more than twofold difference in surface water flow implies a
difference in groundwater flow and this groundwater-
dominated site.

Given the sulfidic environment present at both sampling
sites, mercury speciation and bioavailability is predicted to
be controlled by sulfide concentration and the dominant Hg-
sulfide species. Depending on the choice of stability constant
chosen for the neutral HgS0 complex, the dominant Hg-
sulfide species is either expected to be HgHS2

− (not bioavail-
able) or HgS0 (bioavailable) (Fig. S8) (Benoit et al. 1999b, a).

Methylation and demethylation rate potentials

There was no significant difference between the upper springs
and middle wetland sites in methylation rate potentials
(t = −1.42; p = 0.17) or demethylation rate potentials
(t = 1.73; p = 0.095). Methylation and demethylation rate
potentials (Fig. 6) showed a seasonal trend, with the rates
measured during the winter sampling campaign being consis-
tently low relative to other seasons (Fig. S5). The highest
methylation rate potential was observed at 7 cm in the middle
wetland in July, 2008 (Fig. 6). This is in contrast to other
studies showing a methylation peak closer to the sediment-
water interface (Korthals and Winfrey 1987; Gilmour et al.
1992, 1998; Langer et al. 2001; Marvin-DiPasquale and
Agee 2003). Demethylation rate potentials were higher than
methylation rate potentials in almost every sample analyzed,
and showed less seasonal variation (Fig. 6).

Methylation rate potentials were most strongly correlated
with acid-volatile sulfide, DOC, porewater Fe(II), and
porewater total dissolved Fe (Table 2). These variables, along
with porewater HgT and porewater MeHg, were selected by
stepwise linear regression as the most significant explanatory
variables for methylation rate potentials, with a multiple r2

value of 0.5096 (p = 0.004).
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Although no univariate correlation was observed between
methylation rate potentials and either total dissolved iron or

Fe(II), the highest methylation rate potentials occurred at
depths where reducing conditions dominated (as indicated
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by Fe depth profiles) or where conditions were more reducing
than in the rest of the core (Figs. 4, 5, and 6). The lowest
concentrations of porewater sulfide and Fe(II) were not ob-
served during the February sampling campaign, when
porewater temperatures and methylation rate potentials were
the lowest (Figs. S3 and S4, respectively), but rather during
the October campaign, indicating that porewater temperature
also likely plays a role in controlling methylation rate
potentials.

The relationship between methylation rate potentials and
DOC is supported by univariate regression analysis of the
pooled data from both sites, showing a significant positive
correlation between DOC and methylation rate potentials

(r = 0.433, p = 0.005; Table S3). When broken down by site,
however, this relationship is no longer significant: at the upper
springs site (Fig. 7a), no correlation exists, and while there is a
weak relationship between the two factors at the middle wet-
land site, it is primarily driven by a few high points (Fig. 7b).
The significant correlation between porewater MeHg and
DOC (Fig. 3a) also supports the conclusions of the multivar-
iate regression, but may have been driven by the high points at
the middle wetland site. The fact that the relationship between
methylation rate potentials and DOC is only significant when
considering pooled data is consistent with our understanding
of this as a highly variable site, in which trends are only ap-
parent with averaging to smooth out spatial heterogeneity.

Terminal electron accepting processes (TEAPS)

Measurements of TEAPs indicated that the middle wetland
site was primarily methanogenic, with typically small but
varying production of CO2 from sulfate- and iron-reducing
bacteria (Fig. 8). There were several instances in the middle
wetland samples when the addition of molybdate, a sulfate-
reduction inhibitor, led to an increase in the production of
labeled CO2. A rise in CO2 production in the absence of sul-
fate reduction indicates that a different TEAP, most likely iron
reduction, was the most prevalent non-methanogenic TEAP,
and that this pathway was stimulated by the inhibition of sul-
fate reduction. There were also instances in these samples,
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Table 2 Stepwise linear regression results. Multiple r2 = 0.5096,
p = 0.004

Coefficient Standard error

(Intercept) −0.0024763 0.0142409

AVS 0.2269535*** 0.0582940

DOC 0.0746650** 0.0297901

Porewater Fe(II) 0.0015439** 0.0007285

Porewater HgT 0.0001956 0.0001248

Porewater MeHg −0.0116629* 0.0061419

Porewater total dissolved Fe −0.0007422** 0.0003286

***p < 0.001; **p < 0.05; *p < 0.1
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however, in which the addition of molybdate decreased la-
beled CO2 production, indicating that sulfate reduction was
more prevalent than iron reduction. The shifting of dominant
TEAPs between depth horizons and sampling sites is consis-
tent with our understanding of the dynamic nature of the
hyporheic zone geochemistry at this site (e.g., Morrice et al.
2000).

In the upper springs samples, non-methanogenic
TEAPs were more prevalent than methanogenesis at all
sampling times except for July, 2009 (Fig. 8). In these
samples, sulfate reduction and iron reduction seemed to
be occurring concurrently in the cores at most sampling
times, with neither process clearly dominant. In most in-
stances, the addition of molybdate led to only a small
change in the production of labeled CO2. In February,
2009, however, at all depth horizons below 0–2 cm, sul-
fate reduction was the dominant TEAP, as indicated by
the dramatic drop in labeled CO2 production with the
addition of molybdate.

Discussion

We observed wide spatial and temporal variability in methyl-
ation rate potentials and MeHg concentrations (Fig. 6). The
primary geochemical factors correlated with this variability
were acid-volatile sulfide, DOC, porewater Fe(II), and
porewater total dissolved Fe (Table 2). These factors are relat-
ed primarily to microbial metabolism: the forms of iron and
sulfide are either electron acceptors or reduced metabolic
byproducts, and DOC can serve as a carbon source. There is
a weaker correlation between methylation rate potentials and
porewater HgT, indicating that this factor is not likely to be
limiting the methylation process. There is also a weak corre-
lation between methylation rate potentials and porewater
MeHg, indicating that methylmercury production in this sys-
tem is highly dynamic, spatially and temporally, leading to a
spatial and/or temporal disconnect between the occurrence of
MeHg production and the observation of porewater MeHg.

The observed patterns in methylation rate potentials, redox
indicators, and DOC are likely due to the influence of geology
on site geochemistry as well as season and porewater temper-
ature. Geology is likely the primary driver of spatial hetero-
geneity at the Allequash Creek wetland site. In addition, de-
methylation rates may also play a key role in regulating meth-
ylmercury production at this site.

Influence of geology on site geochemistry

We found that reducing conditions (indicated by the presence
of detectable dissolved iron and sulfide) occurred at a wider
range of depths at the upper springs site than at the middle
wetland site, where they were more uniformly found in the
deeper portions of the cores. The more spatially variable oc-
currence of reducing conditions at the upper springs site is
consistent with the highly porous substrate at that site,
allowing for more rapid changes in hyporheic conditions than
that at the middle wetland site. Groundwater source region
and flow path exert a strong influence on the chemistry of
groundwater discharge in the Allequash Creek wetland, and
that discharge (and recharge) is highly spatially variable with-
in the creek (Pint et al. 2003; Walker et al. 2003; Lowry et al.
2007; Kerr et al. 2008). Groundwater discharging to the upper
springs site is predicted to have spent less time in the subsur-
face (>25–50 years) than groundwater discharging to the mid-
dle wetland site (50–150 years), and is predicted to be less
reducing than older groundwater (Pint et al. 2003). The
more-porous substrate at the upper springs site allows for
more subsurface mixing of surface water and groundwater.
We expect that this combination of less-reducing groundwater
and more-porous substrate was the cause of the high variabil-
ity in the occurrence of reducing conditions at the upper
springs site.
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The high degree of hyporheic mixing, especially at the
upper springs site, is expected to support a diversity of micro-
bial functional groups and continuously refresh the supply of
electron acceptors to support their respiration. In other studies,
methylmercury production was the highest in the surface sed-
iments where hyporheic mixing was the highest (Langer et al.
2001; Bouchet et al. 2011); however, at this site, we observed
few peaks in methylation rates in surface sediments. One ex-
planation for this difference is that the dominant TEAP in the
surface sediments at this site varies both seasonally and with
depth between sulfate and iron reduction and methanogenesis.
While the first two processes are known to methylate mercury
at comparatively high rates (Compeau and Bartha 1985;
Warner et al. 2003; Fleming et al. 2006; Kerin et al. 2006),
lower methylation rates or inhibition of methylation id asso-
ciated with methanogenesis (Compeau and Bartha 1985;
Gilmour et al. 2013). The persistent presence and, in some
seasons, dominance of methanogenic bacterial metabolism
may be limiting the production of methylmercury in surface
sediments with high hyporheic mixing. Another possible ex-
planation for the lack of high mercury methylation rates in the
upper springs sediments is that the large amount of mixing at
this site results in dissolved oxygen levels in the surface sed-
iments that prevent anaerobic, Hg-methylating bacteria from

reaching high rates of metabolism. However, dissolved oxy-
gen, which was not measured in this study, would also limit
methanogenesis, something the TEAP measurements suggest
is occurring.

There were no clear correlations between dominant TEAPs
(Fig. 8) and net methylation rate potentials (Fig. 6) on any of
the sampling dates. This lack of correlation is most likely due
to the dominance of methanogenesis in the majority of the
samples measured. It is likely that sulfate and/or iron reduction
are occurring simultaneously with methanogenesis at many
depths, as has been observed previously in freshwater wetland
sediments (Roden and Wetzel 1996), and that the competition
between the pathways limits the dominance of any one of
them. Although the dominant TEAP no doubt exerts strong
control over methylmercury production rates (Hamelin et al.
2011), the lack of a clearly dominant process and the preva-
lence of methanogenesis in many samples makes it difficult to
directly associate the TEAP measurements with increases or
decreases in the net methylation rate.

There were significant correlations between mercury meth-
ylation rates and AVS in both the univariate (r2 = 0.258,
p = 0.001; Table S3) and multivariate (coefficient = 0.227;
p < 0.001; Table 2) regressions, but no significant correlation
between methylation rates and porewater sulfide
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concentrations (r2 = 0.004, p = 0.71; Table S3). AVS consists
primarily of iron sulfide (FeS) (Liu et al. 2008), which is
known to immobilize dissolved Hg(II) and remove it from
the water column, a process that should lower the bioavailable
Hg concentration and decrease methylation rates (Morse and
Arakaki 1993; Mehrotra et al. 2003; Mehrotra and Sedlak
2005; Jeong et al. 2010). In this system, however, porewater
inorganic Hg concentration is probably not the primary factor
limiting methylmercury production. The positive correlation
between methylation rate potentials and AVS, but not
porewater sulfide, is probably due to the fact that sulfide pro-
duced by the mercury-methylating, sulfate-reducing bacteria
is being scavenged by iron and precipitating as AVS. We did
not observe a correlation between methylation rate potentials
and total dissolved sulfur or the percentage of total dissolved
sulfur represented by sulfide (Table S3).

As discussed above, the choice of stability constant for the
neutral HgS0 complex determines whether a bioavailable
(HgS0) or unavailable (HgHS2

−) Hg species is predicted to
dominate Hg-sulfide speciation. However, the theoretical
HgS0(aq) complex has been shown to actually include both
colloidal and dissolved species, the solubility of which is con-
trolled by dissolved organic matter (Miller et al. 2007;
Deonarine and Hsu-Kim 2009; Slowey 2010; Graham et al.
2012). Sulfate-reducing bacteria are capable of methylating
both dissolved HgS and HgS nanoparticles (Zhang et al.
2012); thus, regardless of which stability constant is used
and whether dissolved neutral HgS species are present, the
presence in either case of nanoparticulate HgS(s) allows meth-
ylation to occur. Additionally, it is possible that microbial
uptake of inorganic Hg(II) occurs via kinetically limited inter-
mediate (non-equilibrium) species, as has been suggested by
Slowey (2010). This would allow for mercury methylation to
occur in systems in which no bioavailable Hg-S species are
predicted.

The weak but significant relationship between methylation
rates and porewater Fe(II) in the multivariate regression (co-
efficient = 0.002, p < 0.05; Table 2) suggests that iron reduc-
tion, in addition to sulfate reduction, may be playing a role in
mercury methylation. The variability in the iron and sulfur
depth profiles as well as in the zones of dominance of sulfate
and iron reduction, indicates that Hg(II) speciation is constant-
ly in flux. It is likely that this constant shifting in speciation
was a major contributor to the high variation in methylmer-
cury production.

Season (temperature)

MeHg and DOC concentrations showed a seasonal trend and
were significantly correlated. Concentrations of both constit-
uents were generally higher during the summer than those
during the fall and winter, suggesting that the sources of these
constituents are less active in colder months when water

temperatures are lower. The source of DOC is most likely
decaying organic matter and the source of MeHg is most like-
ly microbial methylation of inorganic mercury. The correla-
tion between MeHg and DOC is consistent with observations
from a number of other sites (Driscoll et al. 1995, 1998;
Babiarz et al. 1998; Shanley et al. 2008; Tsui and Finlay
2011) and suggests either a common source or a role for
DOC in the production of MeHg in this system.

The seasonal trend observed in methylation rate potentials
is also partially explained by the influence of porewater tem-
peratures on microbial metabolic rates. However, the methyl-
ation rate minimum did not coincide with the minimum ob-
served concentrations of indicators of microbial metabolism,
porewater sulfide and Fe(II) (Figs. S3 and S4, respectively),
suggesting a decoupling of mercury methylation and the
buildup of reduced electron acceptors. The low methylation
rate potentials in February coincide with our observation of
the lowest porewater MeHg concentrations, suggesting that
the MeHg measured in porewater is primarily produced in
situ, rather than desorbed from the solid phase or transported
from a source region elsewhere.

A possible explanation for low mercury methylation rate
potentials in the winter is that decreased microbial activity
results from lowered hyporheic mixing, rather than from low
temperatures. A decline in mixing would result in a less-
frequently refreshed supply of oxidized electron acceptors
available to methylating iron- and sulfate-reducing bacteria,
and would allow for more buildup of reduced species. This
mechanism could explain why the concentrations of
porewater iron and sulfide were not at their lowest in February.

Demethylation

Demethylation rate potentials were higher and less seasonally
variable than methylation rate potentials. This finding is con-
sistent with studies showing that demethylation is carried out
by a larger consortium of microbial species than methylation
(Benoit et al. 2003; Heyes et al. 2006; Merritt and
Amirbahman 2009) and that demethylation rates are generally
higher than methylation rates (Pak and Bartha 1998; Bridou
et al. 2011). High demethylation rate potentials may mean that
the low concentrations of methylmercury generally found in
the sediments of the Allequash Creek wetland are due largely
to high demethylation rates limiting the net production of
methylmercury. However, there are several caveats to consid-
er when assessing the influence of demethylation rate poten-
tials relative to methylation rate potentials. Demethylation rate
potentials may overestimate true, in situ transformation rates
to a greater degree than methylation rate potentials. Because
both measurements involve the addition of an exogenous Hg
spike, they are assumed to overestimate in situ processes, but
the degree to which this occurs is unknown. Although relative
differences in rate potentials can be assumed to correlate to
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differences in the in situ processes, a demethylation rate po-
tential that is higher than a methylation rate potential may not
denote an in situ demethylation rate higher than the methyla-
tion rate. However, the fact that the demethylation rate poten-
tial measurements were consistently high and did not vary
substantially by season suggests that demethylation plays an
important role in regulating net methylmercury production
and export.

Conclusions

Methylmercury production in this system was highly variable
and was controlled primarily by acid-volatile sulfide, DOC,
porewater Fe(II), and porewater total dissolved Fe. All of
these controlling factors are involved in microbial metabolism
and influence the speciation and bioavailability of mercury.
Although there was high spatial variability in methylmercury
production, as indicated by the depth profiles of methylation
rate potentials, there were no significant differences between
the upper springs and middle wetland sites. Total mercury
concentrations had no significant influence on mercury meth-
ylation rate potentials.

Methylmercury production followed a clear seasonal trend,
with the lowest rates generally occurring in the winter, when
porewater temperatures were the lowest. The high, relatively
consistent demethylation rates highlight the important role that
in situ demethylation plays in regulating net methylmercury
production and export. As with the observed variation in geo-
chemistry, the variability in TEAPs and the prevalence of
methanogenesis explains some fluctuation in methylation rates.
The TEAP data paint a picture of a system continuously in flux,
in which no microbial consortium is able to establish metabolic
dominance for a significant period of time, contributing to the
fluctuations in methylation rates. The findings of this study
demonstrate the key role of iron, sulfide, and DOC in control-
ling mercury methylation in the Allequash Creek wetland and
add to our understanding of the complexity and variability of
hyporheic zone biogeochemistry in groundwater-dominated
peat wetlands.
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